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Abstract—Phototoxicity resulting from photoactivated polycyclic aromatic hydrocarbons (PAHs) has been reported in the literature
for a variety of freshwater organisms. The magnitude of increase in PAH toxicity often exceeds a factor of 100. In the marine
environment phototoxicity to marine organisms has not been reported for individual or complex mixtures of PAHs. In this study,
larvae and juveniles of the bivalve, Mulinia lateralis, and juveniles of the mysid shrimp, Mysidopsis bahia, were exposed to
individual known phototoxic PAHs (anthracene, fluoranthene, pyrene), as well as the water-accommodated fractions of several
petroleum products (Fuel Oil #2, Arabian Light Crude, Prudhoe Bay Crude, Fuel Oil #6) containing PAHs. Phototoxicity of individual
PAHs was 12 to .50,000 times that of conventional toxicity. Three of the petroleum products demonstrated phototoxicity while
the lightest product, Fuel Oil #2, was not phototoxic at the concentrations tested. The phototoxicity of petroleum products appears
to be dependent on the composition and concentrations of phototoxic PAHs present: lighter oils have fewer multiple aromatic ring,
phototoxic compounds while heavier oils have higher levels of these types of molecules. This study shows that phototoxicity can
occur in marine waters to marine species. Further, the occurrence of oil in marine waters presents the additional risk of phototoxicity
not routinely assessed for during oil spills.
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INTRODUCTION

Polycyclic aromatic hydrocarbons (PAHs) are ubiquitous,
persistent organic contaminants present in marine ecosystems
and are known to be toxic, genotoxic, carcinogenic, and bioac-
cumulated [1,2]. In addition, some intermediate molecular
weight PAHs, such as anthracene, fluoranthene, and pyrene,
have demonstrated photoinduced toxicity [2,3]. Phototoxicity
is usually observed as greatly enhanced toxicity compared with
ambient toxicity [4–7].

Phototoxicity occurs when UV radiation is absorbed by the
conjugated bonds of PAH molecules exciting them to a triplet
state [2]. The general mechanism of elevated toxicity involves
the transfer of the absorbed energy from the excited PAHs to
ground-state dissolved oxygen forming singlet-oxygen inter-
mediaries. The resulting singlet oxygen and other oxygen free
radicals are highly oxidizing and can destroy biomolecules in
tissues [2]. The half life of singlet oxygen is extremely short
in seawater (,2 ms) but is much greater in lipophilic tissues
where hydrophobic PAHs accumulate, resulting in the greater
potential for tissue destruction [2].

Phototoxicity in the marine environment may occur when
large amounts of PAHs are released during an oil spill. Types
and quantities of PAHs occurring in a spill are dependent upon
the petroleum released. Lighter oils, like Fuel Oil #2, have
small but detectable amounts of PAHs while the heavier pe-
troleum products (e.g., Fuel Oil #6) are enriched [8]. To date,
most ecological assessments of oil spill impacts do not include
the effects of phototoxicity on marine organisms [9–11]. Con-
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sequently, if petroleum products are phototoxic, these assess-
ments may be missing a large part of the adverse effects re-
sulting from an oil spill.

To our knowledge, no work has been published on the
phototoxicity of PAHs to marine species. Further, the potential
for petroleum products to be phototoxic has not been inves-
tigated in any detail. The objectives of this study were to show
the occurrence of phototoxicity in marine species and deter-
mine if petroleum products cause phototoxicity.

MATERIALS AND METHODS

Toxicological exposures

The toxicity of anthracene, pyrene, and fluoranthene and
four selected petroleum products was determined with static
acute assays using the mysid shrimp, Mysidopsis bahia, and
two life stages (embryo/larval and juvenile) of the bivalve
Mulinia lateralis [12–14]. Mysids were 24–48 h old and ob-
tained from laboratory culture. Both embryos and juveniles
were obtained from laboratory M. lateralis broodstock. Ju-
veniles used for testing were .1 mm but ,1.5 mm.

Each concentration/light treatment was conducted in trip-
licate using 100-ml glass jars containing 50 ml of water. Five
mysids or juvenile bivalves were added to each replicate. Bi-
valve embryos were tested at a concentration of 30/ml.

Mysids were fed reference Artemia daily and bivalve ju-
veniles were fed Isochrysis galbana and Tetraselmus suecica,
each at a concentration of 5 3 104 cells per ml. Mysid and
bivalve embryo/larval tests were 48 h in duration. Bivalve
juvenile tests were 96 h in duration with a media (PAH stock
or water accommodated petroleum product) change at 48 h.
At test termination, the number of live mysids in each replicate
were counted. Five-milliliter subsamples were also taken from
each replicate of the bivalve embryo/larval test and immedi-
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Table 1. Log Kow and solubility of selected polycyclic aromatic
hydrocarbons measured in this study

PAH
Log
Kow

Refer-
ence

Solubility
(mg/L)

Refer-
ence

Naphthalene
C-1 naphthalene
C-2 naphthalene
C-3 naphthalene

3.31
a

a

a

[36] 31,700
a

a

a

[37]

Fluorene
9-Fluorenone
9,10-Anthracenedione
Dibenzothiophene

4.11
a

a

a

[36] 1,690
a

a

a

[36]

Phenanthrene
Anthracene
C-1 dibenzothiophenes
C-1 phenanthrene/anthracenes
C-2 dibenzothiophenes
C-2 phenanthrene/anthracenes
C-3 dibenzothiophenes

4.29
4.37

a

a

a

a

a

[38]
[36]

1,000
45.0
a

a

a

a

a

[37]
[39]

Fluoranthene
Pyrene
C-3 phenanthrene/anthracenes
C-4 phenanthrene/anthracenes

5.00
5.23

a

a

[40]
[36]

206
130

a

a

[41]
[41]

Benz[a]anthracene
Chrysene
C-1 chrysenes
C-2 chrysense

5.51
5.51

a

a

[36]
[36]

9.40
1.80

a

a

[37]
[37]

Benzo[b]fluoranthene
Benzo[k]fluoranthene
Benzo[e]pyrene
Benzo[a]pyrene
Perylene
Indeno[123-cd]pyrene
Dibenz[ah]anthracene
Benzo[ghi]perylene

6.46
6.72
6.44
5.94
6.25
6.51
6.84
6.51

[36]
[36]
[39]
[36]
[39]
[41]
[41]
[41]

1.50
1.50
4.00
3.80
0.40
0.53
0.50
0.26

[18]
[18]
[39]
[36]
[39]
[41]
[41]
[41]

a Measured, but no Kow or solubility data available.

ately fixed with buffered formalin containing rose bengal stain
for later quantification. The surviving bivalve juveniles were
rinsed with deionized water and placed in a drying oven for
later weight determination.

In the mysid and juvenile bivalve tests, survivorship was
determined by dividing the number of surviving animals by
the initial number of animals. Embryo/larval bivalve survival
and development was determined by counting the number of
normal larvae per milliliter in each replicate. Bivalve embryo/
larval survival and development is later referred to as bivalve
embryo response. Bivalve juvenile growth was determined by
dividing the final dry weight by the total number of animals
living at the end of the test.

All responses were expressed as a percentage of the control
to aid comparison between tests. The 50% lethal concentra-
tions (LC50s) and 50% effective concentrations (EC50s) were
calculated for both fluorescent and ultraviolet light exposures
using the inhibition concentration (ICp) method [15]. Photo-
toxicity was determined by comparing responses under ultra-
violet light to those under fluorescent light using t-tests [16].
Significance was determined when a , 0.05.

Preparation of PAHs and petroleum products

The PAHs anthracene, fluoranthene, and pyrene were tested
separately. Dry reagent-grade chemical (Aldrich Chemical,
Milwaukee, WI, USA) was dissolved in acetone prior to ad-
dition to filtered seawater (30 6 2 g/kg) and two separate
dilution series prepared. The first was tested under fluorescent
light and the second under ultraviolet light (l 5 280–400 nm).
Nominal PAH concentrations were 10, 100, 1,000, 10,000, and
20,000 mg/L under fluorescent light and 1, 3, 10, 30, and 100
mg/L under ultraviolet light. Two controls were used in each
exposure; the first was a filtered seawater performance control
and the second was an acetone carrier control.

For petroleum product tests, Fuel Oil #2, Arabian Light
crude oil (a light crude), Prudhoe Bay crude oil (a medium
crude), and Fuel Oil #6 (a heavy crude), were tested separately.
The water-accommodated fraction [17] was prepared by adding
0.1, 1, 10, or 25 g of oil to 1 L of filtered seawater. Oil–water
mixtures were vigorously mixed with a teflon-coated magnetic
stirbar for 48 h and allowed to settle for 1 d. Prior to starting
the test, each mixture was poured into a separatory funnel and
the aqueous phase (water-accommodated fraction) removed for
testing. No carrier solvent was added. The control was un-
contaminated filtered seawater. All concentrations were tested
under fluorescent and ultraviolet light.

The SPAH model [18] assumes that the toxicity of PAHs
is additive. This model was modified for use with the species
tested here. The log fluorescent and ultraviolet light LC50s of
the mysid and bivalve embryo/larval tests with anthracene,
fluoranthene, and pyrene were regressed against their respec-
tive log Kow (octanol/water partition coefficient) values (Table
1). Using the two generated regression equations, LC50s were
estimated for 13 additional PAHs based on their log Kow values.
Toxic units (TU) for each PAH were calculated by dividing
the concentration of each PAH by its LC50. Mortality was
then plotted against the sum of all measured PAH toxic units
(STU). The ultraviolet light exposures used the sum of the TU
under ultraviolet light for those compounds predicted to be
phototoxic [2,3] and the sum of the florescent light TU for the
remaining compounds [18].

Ultraviolet and fluorescent light exposure conditions

Tests were conducted in a walk-in culture box that main-
tained the temperature at 21.5 6 0.78C throughout the study.
One half of the box was illuminated with fluorescent lights
(Philips, Somerset, NJ, USA) and the other half with UV A
340 bulbs that simulated natural sunlight (Q-Panel, Cleveland,
OH, USA). The ultraviolet light area and the fluorescent light
area were curtained off with black plastic. Ultraviolet light
was measured daily using a UV 103 radiometer (Macam Pho-
tometrics, Livingston, UK) positioned 26 cm from each of the
light sources (the same distance as the water surface in the
test chambers). UVA was measured at 365 6 36 nm while
UVB was measured at 310 6 34 nm. These readings were also
compared to UV readings of natural sunlight taken outside the
building during this study. Fluorescent and UV light regimes
were conducted under a 16:8h light : dark photoperiod.

Analytical chemistry

Water samples were collected at 0, 48, and 96 h (if appro-
priate) and immediately extracted with methylene chloride af-
ter addition of internal standards (deuterated anthracene and
phenanthrene [Supelco, Belafonte, PA, USA]) for PAH quan-
tification. Samples were 100–400-ml composites of selected
chemical concentrations of all species from either ultraviolet
or fluorescent light exposures. Methylene chloride extracts
were reduced in volume and solvent exchanged to hexane prior
to analysis by gas chromatography–mass spectrometry on a
Hewlett-Packard 5890 equipped with a 5971A mass selective
detector (Wilmington, DE, USA). Concentrations of individual
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Fig. 1. Calculated LC50s or EC50s 6 95% confidence interval of (a) anthracene, (b) anthraquinone, (c) fluoranthene, and (d) pyrene under
ultraviolet and fluorescent light.

PAHs were determined by comparison to authentic standards
(Supelco) using a five-point calibration. Data were quality con-
trolled by analysis of replicate samples, matrix spikes, and
procedural blanks. Replicate samples, in the form of sample
duplicates, were analyzed at a frequency of 5% of the total
samples analyzed. All sample duplicate values were within
640%, calculated as relative percent difference. Matrix spikes
were performed by adding known amounts of analytes into
the appropriate sample matrix and were analyzed at a fre-
quency of 5% of the total samples analyzed. Matrix spike
recoveries were between 80 and 120% for all analytes. Pro-
cedural blanks were analyzed at a frequency of 5% of the total
samples analyzed. Analyte concentrations were below the
method detection limits for all procedural blanks analyzed.

For the individual PAH tests, four of the six concentrations
were measured (control, low, medium, high). These measured
values were plotted against the nominal PAH values, and a
polynomial regression equation was generated. All correlation
coefficients for the generated equations were high (r2 5 1.00,
n 5 4). Using these equations, PAH concentrations were in-
terpolated for the remaining concentrations. PAH means of the
0-, 48-, and 96-h (if appropriate) values were used to generated
EC50 and LC50 values. For the petroleum product tests, the
PAHs listed in Table 1 were quantified.

RESULTS

Experimental conditions

Under the fluorescent lights, UVA levels were 9.70 6 0.66
mW/cm2 while UVB levels were 3.37 6 0.22 mW/cm2 through-
out the study. Under ultraviolet lights, UVA levels were 397
6 35.1 mW/cm2 while UVB levels were 134 6 22.8 mW/cm2.
Ultraviolet light levels in sunlight were measured at different
times of the day from June 1995 through October 1995. UVA

levels ranged from 1,100 to 3,190 mW/cm2 with an average
level of 2,130 6 701 mW/cm2. UVB levels ranged from 180
to 612 mW/cm2 with an average level of 465 6 107 mW/cm2.
Thus, the ultraviolet light levels in the ultraviolet exposures
were 40 times greater than the levels in the fluorescent ex-
posures but were three to five times lower than in natural
sunlight.

Individual PAH toxicity

Anthracene, fluoranthene, and pyrene LC50s and EC50s
were based on measured and interpolated concentrations (Fig.
1a, c, and d). Although the initial measured concentrations
were very close (mean 5 105%) to the nominal values, sig-
nificant loss occurred during the test, primarily through ad-
sorption and volatilization. At 48 h, there was an average of
81.5% reduction in the initial concentrations; at 96 h (after a
48-h renewal) there was a 60% reduction. The LC50s and
EC50s for anthracene for mysids, bivalve embryos, and bi-
valve juvenile survival under fluorescent and ultraviolet light
different by a factor of 149, 658, and .193, respectively (Fig.
1a). Because anthracene can be oxidized under ultraviolet light
[19], we were concerned about the toxic contribution of its
oxidation product anthraquinone. The anthraquinone LC50 for
mysids under fluorescent light was .4.01 times that of the
anthracene LC50 (Fig. 1). Under ultraviolet light, the LC50
for anthraquinone was 26.2 times larger than the anthracene
LC50. Because the LC50 was much higher for anthraquinone
than anthracene, the influence of the breakdown product on
toxicity is probably negligible despite the evident phototox-
icity of anthraquinone (factor of .22.8 increase) (Fig. 1b).
Fluoranthene LC50s and EC50s for mysids, bivalve embryos,
and bivalve juvenile survival under fluorescent and ultraviolet
light different by factors of 12.0, 54.1, and 1,840, respectively
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(Fig. 1c). Pyrene LC50s and EC50s for mysids, bivalve em-
bryos, and bivalve juvenile survival under fluorescent and ul-
traviolet light different by a factor of 27.6, .51,900, and
.5,620, respectively (Fig. 1d).

Petroleum product toxicity

Fuel Oil #2 formed a light emulsion upon stirring with
water. The water-accommodated fraction from this emulsion
was acutely toxic to the mysid, M. bahia, killing all organisms,
at all concentrations, under both ultraviolet and fluorescent
conditions (Fig. 2a). There was no significant difference in
mysid toxicity between light regimes however. Under fluores-
cent light, M. lateralis embryos showed little sensitivity in the
lowest concentration (0.1 g/L), although the other concentra-
tions killed all organisms. Under ultraviolet light, however,
the Fuel Oil #2 killed all organisms at all concentrations (Fig.
2b and Table 2). There was a significant difference in bivalve
embryo toxicity between the 0.1 g/L concentration tested under
fluorescent light and the same concentration tested under ul-
traviolet light. No other concentrations were significantly dif-
ferent under different light regimes. This petroleum product
was not tested with M. lateralis juveniles. This oil showed
only minor phototoxicity.

Arabian Light crude also formed an emulsion. The water-
accommodated fraction of this oil was toxic to mysids at all
concentrations except the lowest concentration (0.1 g/L) and
demonstrated increased toxicity under ultraviolet light. On av-
erage, there was a twofold difference in the magnitude of
toxicity between the two light regimes. The two middle oil
concentrations (1 g/L, 10 g/L) were significantly different
when tested under different light regimes with mysids. The
lowest (0.1 g/L) and highest (25 g/L) concentrations were not
significantly different. Because mysid survival was always less
than 50% for both light regimes, the mysid phototoxic effect
is considered to be minor (Fig. 2c and Table 2). The water-
accommodated fraction of Arabian Light crude caused no tox-
icity to M. lateralis embryos under fluorescent light except at
the 1.0-g/L level but killed almost all organisms under ultra-
violet light (Fig. 2d and Table 2). There were significant dif-
ferences in bivalve embryo toxicity under different light re-
gimes for all oil concentrations except the 1.0-g/L level. This
petroleum product was not tested with M. lateralis juveniles.
This oil was strongly phototoxic.

Prudhoe Bay (the medium crude) did not form an emulsion,
but at low concentrations (e.g., 0.1 and 1 g/L) many small
globules of oil formed upon stirring. At higher concentrations
(e.g., 10 and 25 g/L) the oil formed into a single large oil
globule. Presumably, this globule had a smaller surface area-
to-volume ratio than the small globules in the lower concen-
trations. Despite the potential that the large globule would
reduce organism exposure, toxicity continued to increase with
increasing concentrations. Under fluorescent light mysids did
not show significant mortality until the two highest concen-
trations (10 and 25 g/L). Under ultraviolet light, all organisms
were killed at all concentrations (Fig. 2e and Table 2). Sig-
nificant differences in mysid toxicity were seen between light
regimes at all concentrations except the highest (25 g/L). Under
fluorescent light, bivalve embryo survival and development
were high in all concentrations except the two highest (10 and
25 g/L), where slight reductions in survival and development
were seen. Under ultraviolet light there was 100% mortality
in all concentrations (Fig. 2f and Table 2). Significant differ-
ences in bivalve embryo toxicity were seen between light re-

gimes in all oil concentrations. Juvenile bivalve survival was
not affected at any concentration (Fig. 2g and Table 2). Ju-
venile bivalve growth was only slightly affected (Fig. 2h and
Table 2), and there was no significant difference between light
regimes. This oil showed a strong phototoxic effect to mysids
and bivalve embryos but no phototoxic effect to bivalve ju-
veniles.

The heavy crude Fuel Oil #6 also did not form an emulsion,
but like the Prudhoe Bay crude, at a low concentration (e.g.,
0.1 g/L), many small globules of oil formed and as concen-
tration increased, globule size also increased. The toxicity dose
response appeared to be affected by these globules; toxicity
increased until reaching the highest concentration (25 g/L),
and then decreased. This result may have been due to the small
surface area to volume ratio of the globule and low solubility
of this oil. For both the mysids and bivalve embryos, toxicity
was much lower under fluorescent than ultraviolet light (Fig.
2i and j and Table 2). Under fluorescent light, the effect ranged
from 60% to 90% of the control response. Under ultraviolet
light, there was 100% mortality at all concentrations. There
were significant differences in both mysid and bivalve embryo
toxicity for all oil concentrations under different light regimes.
Juvenile bivalve survival was not affected under fluorescent
light at any concentration but was slightly affected under ul-
traviolet light (Fig. 2k and Table 2). Juvenile bivalve growth
was slightly affected under both fluorescent and ultraviolet
light (Fig. 2l and Table 2). For bivalve juvenile survival and
growth, there was no significant difference between light re-
gimes for all concentrations except the 1.0-g/L level. This oil
was strongly phototoxic to mysids and bivalve embryos. It
was only slightly phototoxic to bivalve juveniles.

Figure 3a–d presents the concentrations of selected PAHs
in the four petroleum products for a representative concentra-
tion (i.e., 0.1 g of oil/L of seawater). For each petroleum prod-
uct, there was little to no change in the PAH prevalence pat-
terns among concentrations tested, although the highest con-
centrations of Prudhoe Bay and Fuel Oil #6 appeared to have
lower amounts of the highest molecular weight compounds,
probably due to the large oil globules formed in the preparation
of the water-accommodated fraction [20]. No apparent differ-
ence in PAH patterns between ultraviolet or fluorescent treat-
ments within any given petroleum product was observed. As
shown in Figure 3, the dominant peak for all petroleum prod-
ucts was composed of dibenzothiophenes (parent and C-1 to
C-3 dibenzothiophenes) and phenanthrene/anthracenes (parent
and C-1 to C-4 phenanthrene/anthracenes) (Fig. 3a–d). The
higher molecular weight compounds (e.g., chrysene through
benzo[ghi]perylene [Table 1]) increased in concentration from
Fuel Oil #2 through Fuel Oil #6 (Fig. 3a–d). Fuel Oil #2 had
the highest concentrations of naphthalenes (parent and C-1 to
C-3 napthalenes) (Fig. 3a). Arabian Light crude and Fuel Oil
#6 had negligible quantities of naphthalenes (Fig. 3b and d),
while Prudhoe Bay had half the amount of naphthalenes as
Fuel Oil #2 (Fig. 3a and c). Some losses of naphthalenes may
have occurred due to volatilization during preparation of the
water-accommodated fraction. The large standard deviations
result because the means and standard deviations are based on
day 0 and day 2 measurements. The PAH levels on day 0 were
much higher than the day 2 PAH levels due to volatilization
and adsorption during the exposure. Both days had the same
relative patterns however (i.e., phenanthrenes/anthracenes
were higher than dibenzothiophenes). It seems likely that the
naphthalenes’ toxic effect was exceeded by the much larger
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Fig. 2. Response curves of mysids, bivalve embryos, and bivalve juveniles to (a and b) Fuel Oil #2, (c and d) Arabian Light crude, (e–h)
Prudhoe Bay crude, and (i–l) Fuel Oil #6 (see next page).

contribution of the dibenzothiophenes and the phenanthrene/
anthracenes in the Prudhoe Bay crude.

The toxicity of the water-accommodated fractions of these
petroleum products was assumed to be due primarily to the
constituent PAHs, so we measured the PAH concentration for
those compounds listed in Table 1. For each petroleum product,
individual measured PAH concentrations were summed and
LC50s or EC50s calculated for mysid survival and bivalve

embryo/larval survival and development (Fig. 4a–d). Fuel Oil
#2 was toxic to both organisms under both ultraviolet and
fluorescent light with little apparent phototoxicity. Arabian
Light LC50s and EC50s under fluorescent and ultraviolet light
differed by factors of 5 and 15 for mysids and bivalve embryos,
respectively, showing minor phototoxicity related to PAH con-
centration (Fig. 4b). Prudhoe Bay showed an even more dra-
matic response also related to PAH concentration for bivalve
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Fig. 2. Continued.

Table 2. Means 6 standard deviations (n 5 3) for mysid survival, bivalve embryo response (survival and development), bivalve juvenile survival,
and bivavle juvenile growth for the four petroleum product tests uder either fluorescent or ultraviolet light

Concn.a

Mysid survival

Fluorescent Ultraviolet

Bivalve embryo response

Fluorescent Ultraviolet

Bivalve juvenile survival

Fluorescent Ultraviolet

Bivalve juvenile growth

Fluorescent Ultraviolet

Fuel Oil #2
0
0.1
1

10
25

100 6 0.00
0 6 0.00
0 6 0.00
0 6 0.00
0 6 0.00

100 6 0.00
0 6 0.00
0 6 0.00
0 6 0.00
0 6 0.00

90.4 6 13.8
85.7 6 11.2
1.63 6 2.16
0.00 6 0.00
0.00 6 0.00

95.7 6 26.9
0.61 6 1.06
0.00 6 0.00
0.00 6 0.00
0.00 6 0.00

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

Arabian Light crude
0
0.1
1

10
25

100 6 0.00
100 6 0.00

46.7 6 11.5
33.3 6 11.5
26.7 6 30.6

100 6 12.4
107 6 0.00

21.4 6 0.00
0.00 6 0.00
21.4 6 0.00

100 6 9.66
81.7 6 4.36
2.18 6 2.11
93.7 6 8.05
94.8 6 11.2

100 6 14.9
3.04 6 5.26
2.76 6 4.09
2.21 6 2.53
3.45 6 5.98

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

b

Prudhoe Bay crude
0
0.1
1

10
25

100 6 0.00
100 6 0.00
100 6 0.00

20.0 6 20.0
0.00 6 0.00

100 6 0.00
0.00 6 0.00
0.00 6 0.00
0.00 6 0.00
0.00 6 0.00

100 6 33.1
93.8 6 16.5
97.9 6 13.0
85.4 6 9.55
60.4 6 23.7

100 6 24.0
0.00 6 0.00
0.00 6 0.00
0.00 6 0.00
0.00 6 0.00

100 6 0.0
93.3 6 11.5
100 6 0.00
100 6 0.00

93.3 6 11.5

100 6 12.4
71.4 6 32.7
92.9 6 12.4
107 6 0.00

85.7 6 21.4

100 6 3.89
73.6 6 8.65
56.2 6 5.15
61.8 6 3.89
57.3 6 6.74

100 6 13.9
84.0 6 23.1
72.0 6 6.93
76.0 6 14.4
76.0 6 14.0

Fuel Oil #6
0
0.1
1

10
25

100 6 0.00
86.7 6 11.5
93.3 6 11.5
53.3 6 11.5
80.0 6 0.00

100 6 0.00
0.00 6 0.00
0.00 6 0.00
0.00 6 0.00
0.00 6 0.00

100 6 31.1
59.7 6 10.1
67.7 6 34.9
48.4 6 25.6
110 6 11.2

100 6 3.69
0.00 6 0.00
2.13 6 3.69
0.00 6 0.00
0.00 6 0.00

100 6 0.0
93.3 6 11.5
100 6 0.00

93.3 6 11.5
100 6 0.00

100 6 0.00
33.3 6 11.5
66.7 6 11.5
80.0 6 0.00
73.3 6 11.5

100 6 3.53
57.3 6 5.45
70.8 6 8.74
50.0 6 4.80
54.6 6 5.33

100 6 9.27
44.3 6 8.13
46.8 6 3.84
44.7 6 5.63
45.4 6 2.68

a Grams of oil per liter of seawater.
b Not tested for this petroleum product.
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Fig. 3. Total measured concentrations of naphthalene and C-1 to C-3 naphthalenes (Nap), dibenzothiophene and C-1 to C-3 dibenzothiophenes
(Dibenzo), phenanthrene/anthracene and C-1 to C-4 phenanthrene/anthracenes (Phen/Anthra) and chrysene, C-1 to C-2 chrysenes, ben-
zo[b]fluoranthene, benzo[k]fluoranthene, benzo[e]pyrene, benzo[a]pyrene, perylene, indeno[123-cd]pyrene, dibenz[ah]anthracene, and ben-
zo[ghi]perylene (Higher MW) in the water-accommodated fraction of a representative concentration (0.1 g of oil/L of seawater) of (a) Fuel Oil
#2, (b) Arabian Light crude, (c) Prudhoe Bay crude, and (d) Fuel Oil #6.

Fig. 4. Empirical LC50s or EC50s 6 95% confidence intervals of (a) Fuel Oil #2, (b) Arabian Light crude, (c) Prudhoe Bay crude, and (d)
Fuel Oil #6 based on measured PAH exposures to the mysid, Mysidopsis bahia, and the bivalve, Mulinia lateralis (embryo/larval).
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embryo/larval response. The embryo/larval EC50s under fluo-
rescent and ultraviolet light differed by a factor of .29 (Fig.
4c). Mysid LC50s for Prudhoe Bay differed by only a factor
of 2 (Fig. 4c). The phototoxic response to Fuel Oil #6 was
more dramatic than to Prudhoe Bay crude, with LC50s and
EC50s under fluorescent and ultraviolet light differing by fac-
tors of .79 and .77 for mysids and bivalve embryos, re-
spectively (Fig. 4d).

DISCUSSION

Phototoxicity has been shown in a variety of freshwater
species including; bluegill sunfish, Lepomis macrochirus, em-
bryonic stages of the frog, Rana pipiens, the water flea, Daph-
nia magna, the brine shrimp, Artemia salina, larvae of the
mosquito, Aedes aegypti, the fathead minnow, Pimephales
promelas, the amphipod Hyalella azteca, and the oligochaete,
Lumbriculus variegatus [4,21–23]. Phototoxicity was ob-
served in exposures with water [5,24,25], elutriates [26], and
sediments [4,6] in both the laboratory [2,4,5,23–26] and the
field [6,21]. In all of these studies dramatic differences oc-
curred between those organisms exposed to ultraviolet light
and those not exposed. Experimental procedures varied be-
tween experiments, making direct comparisons difficult, but
toxicity increased by .2- to 1,800-fold when organisms were
exposed to ultraviolet light [23–25].

In this study, ultraviolet light exposures dramatically in-
creased toxicity relative to the fluorescent light exposures in
both single chemical and petroleum product tests. A 12-fold
to .50,000-fold increase in toxicity was seen in the single
chemical tests. This is within the range or higher than differ-
ences seen in some of the freshwater experiments. Although
direct comparisons of phototoxicity in freshwater and marine
systems have not been performed, differences in these two
systems may affect the presence or magnitude of phototoxicity.
For example, in some freshwater environments the levels of
dissolved organic carbon may range from 5 to 30 mg/L while
marine systems are generally lower due to the salting-out effect
[27]. It has been shown that the occurrence of dissolved or-
ganic carbon reduces phototoxicity [28]; consequently, we
might expect less phototoxicity in freshwater systems than the
lower dissolved organic carbon marine systems (especially
open or oligotrophic environments).

For most of the fluorescent exposures (anthracene—all spe-
cies, fluoranthene—bivalve juveniles, pyrene—bivalve em-
bryos and juveniles), the LC50s or EC50s exceeded the water
solubility of the PAHs. With the exception of one test (an-
thracene—bivalve juveniles), all ultraviolet LC50s or EC50s
were well below the water solubility of the PAHs. This means
that while laboratory testing might indicate that no toxicity is
expected, low levels of PAHs in the environment can cause
significant toxicity in the presence of ultraviolet light. Further,
large increases in toxicity in ultraviolet light exposures were
seen in tests with Arabian Light crude, Prudhoe Bay crude,
and Fuel Oil #6, with the predominant increases occurring in
heavier crudes. Fuel Oil #2 was highly toxic under both ul-
traviolet and fluorescent light. If Fuel Oil #2 had been tested
at lower concentrations, a phototoxic response may have been
apparent. In fact, phototoxicity was seen in seawater samples
taken in the vicinity of the North Cape oil spill (RI, USA) 3
d after a barge (carrying Fuel Oil #2) had run aground [29].
However, most of the observed toxicity of Fuel Oil #2 is ex-
pected to be caused by the lighter fractions (including benzenes
and naphthalenes) that are not phototoxic [30]. As the petro-

leum products become heavier, the amount of phototoxic PAHs
increases [8] consequently causing an increase in phototox-
icity. Of the total aromatics in the water-accommodated frac-
tion, Fuel Oil #2 contains more monoaromatics (56%) than
Fuel Oil #6 (20%) [8].

We attempted to use the Swartz et al. [18] model designed
to predict the toxicity of mixtures of PAHs in sediments to
mixtures of PAHs in the water-accommodated fraction of se-
lected petroleum products. We found that the model predicted
toxicity under ultraviolet light but did not predict toxicity un-
der fluorescent light. We believe that the lack of prediction
under fluorescent light resulted because not all possible toxic
PAHs including the alkylated and substituted molecules were
measured. Most of the phototoxic PAHs were measured, which
is possibly why PAH toxicity was better predicted under ul-
traviolet light.

Petroleum released into the environment through an oil spill
greatly increases the amount of PAH in the water column.
Traditional oil spill assessments have included population and
community evaluations and toxicity studies [9]. Damage done
by phototoxicity has not been specifically considered. Further,
models used to predict the ecological impacts of petroleum
spills currently do not directly consider phototoxicity as much
of the toxicity data input into these models is based on testing
performed under regular fluorescent lighting [31]. This work
demonstrates the potential for a 2–100-fold increase in toxicity
due to exposure to ultraviolet radiation after exposure to oil.
Those organisms most susceptible to oil spill phototoxicity
include organisms with pelagic larvae and epibenthic or ben-
thic species living in shallower areas where the opportunity
for ultraviolet exposure is greatest. Ultraviolet light is known
to penetrate to 50 m in clear ocean water and to 1 m in turbid
coastal water [32]. Photoinduced toxicity is intensity and du-
ration dependent [7,33] so that the shallower the water and
the longer the day the greater potential for substantial adverse
effects.

Although the magnitude of the phototoxicity of PAHs is
many times that of ordinary PAH toxicity, some studies in-
dicate that organisms can repair the damage. Bluegill sunfish,
L. macrochirus, exposed to anthracene during different ultra-
violet light photoperiods showed that damage was slowly re-
paired during periods of darkness but that enough damage
could accumulate during the light cycles to cause mortality
[7]. A spill of the heavier crude oils at the correct time of day
could cause massive mortality to the young of fish, bivalves,
and other marine organisms in a local area. Additionally, oil
that ends up in the sediment has the potential of accumulating
in benthic organisms with pelagic larvae. As was observed
with the M. lateralis juveniles, often mature life stages are
less sensitive to direct exposure. If the PAH contamination is
passed by adults to the neonates, however, the pelagic larvae
of these benthic organisms (e.g., bivalves) could be at risk
when they travel into the water column. Although maternal
transfer of contaminants has not been documented in M. bahia
or M. lateralis it has been seen in insects [34] and fish [35].
In addition, those organisms in direct contact with contami-
nated sediments in shallow water such as juvenile fish and
epibenthic shrimp could also be at risk. Work is currently
underway at our laboratory on these topics.

In conclusion, to our knowledge, this is the first study to
report that phototoxicity can occur in marine waters to marine
species. Further, the occurrence of oil in marine waters presents
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the additional risk of phototoxicity not routinely assessed for
or modeled during oil spills.
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